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Abstract. Tropospheric ozone (O3) is a greenhouse gas and air pollutant. Despite efforts to control O3 precursor emissions,

O3 levels frequently exceed the Swiss air quality standards. We present multi-decadal summertime measurements of O3 and

its precursors across Switzerland from 12 NABEL (Nationales Beobachtungsnetz für Luftfremdstoffe) stations, which are rep-

resentative of traffic, (sub)urban, rural and background conditions. Average O3 levels have decreased at rural and background

sites, remained constant at (sub)urban sites and increased under traffic conditions over the past two decades. Traffic, (sub)urban5

and rural sites exhibited a pronounced weekend effect at the beginning of the century, which has weakened over time and only

persists under traffic conditions today, suggesting that O3 formation is becoming more NOx-sensitive. O3 exhibits a strong

dependence on temperature (dO3/dT), which has weakened uniformly at all site types over time. At polluted sites, this effect

could be associated with the decreasing influence of titration. While reductions of precursor levels have shifted the probabil-

ity of O3 exceedances to higher temperatures, O3 is still frequently exceeded on hot summer days and the number of days10

exceeding 30 ◦C has tripled since 2000. Ozone formation has been suppressed due to the titration by NO in many locations

in the past but is dominated by NOx-sensitive O3 chemistry in background, rural, and (sub)urban environments today. Ozone

titration remains dominant under traffic conditions, where O3 levels are currently increasing with NOx and will likely increase

for several years before emissions reductions will become effective.

1 Introduction15

Tropospheric ozone (O3) adversely impacts climate and human health as a greenhouse gas and air pollutant. In urban areas, it

contributes to poor air quality increasing the risk of cardiovascular and respiratory diseases, and associated premature mortality

(Nuvolone et al., 2018). A recent study by Wang et al. (2025b) estimated that approximately 94 % of the global population is

chronically exposed to unhealthy levels of O3 resulting in approximately 1.4 million premature deaths annually. In the European

Union, 70,000 deaths were attributed to O3 exposure in 2022 as reported by the European Environmental Agency (2024). In20

light of these impacts, governmental air quality standards are implemented with the objective of improving public health. In

Switzerland, this standard is set to a 1-hour average of 120µg m−3 (∼60 ppbv) by the Swiss Ordinance of 16 December 1985

on Air Pollution Control (Luftreinhalte-Verordnung), which must not be exceeded more than once per year (Schweizerischer

Bundesrat, 1985).
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Figure 1. Catalytic O3 formation cycle, highlighting the role of reactions (R1)-(R5).

O3 is not emitted directly from a source but is photochemically formed from its precursors, which are nitrogen oxides (NOx)25

and volatile organic compounds (VOCs). NOx represents nitric oxide (NO) and nitrogen dioxide (NO2) and is mainly emitted

as NO from high-temperature processes, including combustion in vehicles, industrial activities and lightning, as well as NOx

from soils (Denman et al., 2007; Huang et al., 2017; Nault et al., 2017; Weng et al., 2020). VOCs are gaseous carbon-containing

molecules of diverse origin, e.g., combustion, fuel evaporation, household and personal care products or vegetation (Guenther

et al., 2012; Sindelarova et al., 2014; McDonald et al., 2018; McDuffie et al., 2020). NOx and VOCs form O3 in the presence30

of sunlight. This catalytic O3 formation cycle, as shown in Figure 1, is initiated by the oxidation of VOCs (here displayed as

RH) by OH (R1), which produces peroxy radicals RO2 in the presence of molecular oxygen O2 (R2). RO2 reacts with NO to

form NO2 and alkoxy radicals RO (R3), which further produce HO2 with O2 (R4). HO2 oxidizes NO to NO2 and at the same

time regenerates the OH radical (R5). NO2 subsequently forms NO and O3 in the presence of sunlight via (R6a) and (R6b)

(Crutzen, 1988; Seinfeld and Pandis, 2016). In turn, NO and O3 form NO2 via (R7). NO2 and O3 interconvert on a time scale35

of minutes.

NO2 +hν →NO+O (R6a)

O+O2 +M→O3 +M (R6b)

NO+O3 →NO2 +O2 (R7)

Close to NO emissions sources, for example in proximity to roads, O3 is rapidly titrated to NO2 via (R7). Therefore, NO240

and O3 are often considered as their sum: odd oxygen (Ox). Net O3 production only occurs when NO2 is generated from the
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reaction of nitric oxide with peroxy radicals (RO2 or HO2) rather than O3 as the latter is only a recycling mechanism. Various

termination reactions of the catalytic cycle in Figure 1 make O3 formation non-linear. These are mainly radical recombination,

such as the self-reaction of the peroxy radical, as well as the reaction of NO2 with OH forming nitric acid (HNO3). As a

consequence, O3 can either increase or decrease in response to precursor changes. For low NOx environments, increasing NOx45

leads to an acceleration of the catalytic O3 formation cycle and O3 production increases. This is referred to as NOx-sensitive O3

formation chemistry. For high NOx in contrast, enhancements in NOx lead to decreases in O3 production due to the formation

of nitric acid, which lowers the availability of OH radicals catalyzing the O3 formation cycle. In this chemical environment,

increases in VOCs lead to O3 production enhancements and the chemistry is referred to as VOC-sensitive. The crossover

between NOx- and VOC-sensitive chemistry is described as a transitional regime (Pusede et al., 2015). While in theory O350

formation peaks in this transition (given a large local, homogeneous air mass), depending on the spatial resolution and the

meteorological conditions maximum O3 production can also occur in air masses characterized as NOx- or VOC-sensitive.

Several studies have reported this observation in the U.S. and China (Mazzuca et al., 2016; Tan et al., 2018; Guo et al., 2021;

Stockwell et al., 2025). Various parameters, including ambient NOx levels, VOC reactivity, temperature and photolysis rates,

can additionally impact the number of O3 molecules produced per NOx, which is referred to as the ozone production efficiency55

(OPE) (Kleinman et al., 2002; Chace et al., 2025).

The non-linear formation chemistry of O3 makes its control in urban environments challenging, as decreases in precursor

emission, aimed at improving local air quality, can lead to O3 increases instead when the formation chemistry is VOC-sensitive.

In addition, close to emission sources the titration effect of O3 via (R7) can dominate. The term titration refers to a temporary

sink of O3 through reaction with NO, which can dominate NOx cycling at night due to the absence of NO2 photolysis or in60

proximity to large primary NO sources, which rapidly convert all or a part of O3 to NO2. O3 changes with NOx are then similar

to those affected by VOC-sensitive chemistry, making it difficult to identify the required measures to achieve O3 decreases. An

additional challenge is the lifetime of O3, which is of the order of hours to days close to the surface, and of weeks to months

in the free troposphere. Therefore, an exceedance of O3 standards can result not only from local production, but also from

long-range transport from outside the studied region (Cooper et al., 2011). Particularly remote sites are often dominated by65

the O3 background rather than local formation. Derwent et al. (2015) reported an average of 16-24 ppbv of European surface

O3 originates from intercontinental transport in the Northern Extratropics. The contribution of transported O3 to the total O3

was found to exhibit a strong seasonal cycle with the largest impact in winter. In contrast, short-lived pollutants such as NOx

(lifetime of minutes to hours) are significantly easier to control with emission standards as reductions in local emissions directly

translate to decreases in the local burden.70

Various studies have investigated surface O3 in urban environments. An important method for identifying the dominating

formation sensitivity of O3 is the weekend effect, which was originally suggested by Levitt and Chock (1976). Lower NOx on

weekends due to less vehicle traffic, which is often observed in densely populated and polluted regions, causes O3 to increase

when chemistry is VOC-sensitive. This observation was reported by Fujita et al. (2003), Chinkin et al. (2003) and Pollack

et al. (2012) for the Californian South Coast Air Basin (SoCAB), an area known for its poor air quality. More recent studies75

including Baidar et al. (2015), Nussbaumer and Cohen (2020), Perdigones et al. (2022) showed that SoCAB O3 chemistry
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was transitioning and approaching NOx sensitivity in recent years with lower O3 on weekends compared to weekdays as an

outcome of successful emission reductions. While O3 increases on weekends are often an indication for VOC-sensitive O3

chemistry, decreased O3 titration on weekends (via (R7)) due to less NO can also lead to higher weekend O3, as shown by

Murphy et al. (2007) close to Sacramento (US). In that case, the reaction of NO with O3 outweighs the photolysis of NO2, and80

the net loss of O3 (k*[NO]*[O3]-j(NO2)*[NO2]) proceeds faster than the reactions shown in Figure 1. Geddes et al. (2009)

reported unchanged O3 levels in Toronto, Canada, between 2000 and 2007 despite significant precursor reductions, where

lowered O3 production was countered by decreased O3 titration.

A number of studies have investigated O3 trends across Europe over the past decades, many of which reported increases in

surface O3 despite precursor reductions, particularly in polluted regions (Yan et al., 2018; Boleti et al., 2020; Adame et al.,85

2022; Massagué et al., 2024; Wang et al., 2025a). These studies highlight the continued need to monitor O3 and its formation

processes in Europe. Fewer studies have focused on O3 in Switzerland. Ordoñez et al. (2005) investigated O3 in Switzerland

between 1992 and 2002 and found O3 titration and dry deposition to be the prevailing processes during winter, while sum-

mertime O3 was dominated by O3 production. Aksoyoglu et al. (2014) reported increases in average surface O3 at all sites

in Switzerland between 1990 and 2005 based on observations and modeling. These increases were attributed to the reduced90

impact of titration at polluted sites and to changes in background O3 at the remaining sites. In contrast to average O3, peak

O3 was found to decrease at rural sites. Boleti et al. (2018) analyzed changes in surface O3 in Switzerland between 1990 and

2014 and found that O3 was increasing at the majority of the 21 investigated stations until the mid 2000s, but was decreasing

afterwards. The trend reversal occurred earlier for sites further away from NOx emissions sources and later for sites impacted

by traffic. Boleti et al. (2019) reported continuous decreases in peak O3 in Switzerland over the same time period.95

O3 exhibits a strong dependence on temperature, as highlighted by various studies in the U.S., Europe and Asia (Pusede et al.

(2015), Coates et al. (2016), Porter and Heald (2019), Nussbaumer and Cohen (2020), Wu et al. (2024), Chang et al. (2025) and

Qin et al. (2025)). Explanations for this correlation are numerous and include meteorological reasons, such as stagnation and

humidity, as well as an enhanced abundance of precursors, e.g. temperature-dependent VOC emissions, soil NOx emissions

or PAN (peroxy acetyl nitrate) decomposition (Porter and Heald, 2019). Li et al. (2025) reported a 50 % decrease in the100

temperature dependence of summertime O3 in the U.S. between 1990 and 2021 as a combined outcome of meteorological

changes and anthropogenic NOx reductions, the latter reducing the O3 impact of temperature-dependent biogenic VOCs, dry

deposition and PAN decomposition (decrease in the O3-T sensitivity). This was found to outweigh increases in the O3-T

sensitivity by soil-NOx emissions under anthropogenic NOx reductions.

In this study, we investigate summertime O3 in Switzerland between 2000 and 2024 based on 12 different ground-based mea-105

surement sites. We present decadal trends for O3, its precursors and exceedance probabilities of current air quality standards

under traffic, (sub)urban, rural and background conditions, as well as day-of-week patterns and the correlation with tempera-

ture. The NABEL network offers a unique framework for comparing O3 formation mechanisms across a compact geographic

region characterized by a high site diversity, including polluted conditions with large local anthropogenic emissions, urban

conditions with less primary sources of O3 precursors, more pristine conditions with low local emissions and background con-110

ditions with negligible local pollution and free tropospheric impact. Unlike the majority of the air quality literature focusing on
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Figure 2. Location of the NABEL sites used in this study. ©Map Data: swisstopo (Federal Office of Topography swisstopo, 2024)

a specific city or urban agglomeration, this study provides an overview of the mechanisms that control O3 levels under these

diverse conditions. Current literature on O3 air quality in Switzerland (Boleti et al. (2018) and Boleti et al. (2019)) incorporates

data through 2014. This study closes this decade-long gap and reveals unexpected increases of O3 at polluted sites. Finally,

this study provides evidence for titration as a driver of changing O3-temperature sensitivity under polluted conditions, which115

has not been heretofore reported and may be an important consideration when unraveling photochemical processes in other

regions.

2 Methods

2.1 NABEL network

We use surface observations from the NABEL (Nationales Beobachtungsnetz für Luftfremdstoffe) network, which provides120

long-term measurements of trace gases and meteorology at 16 different sites in Switzerland (Hüglin et al., 2024). The network

is maintained and operated by the Federal Office of the Environment (FOEN) and the Swiss Federal Laboratories for Mate-

rials Science and Technology (Empa). The meteorological data are provided by NABEL (stations BER, LAU, ZUE, DUE,

DAV, RIG) and MeteoSwiss (stations BAS, CHA, LUG, MAG, PAY, TAE). For this analysis, we chose 12 sites representative

of traffic (Bern-Bollwerk BER and Lausanne-César-Roux LAU), (sub)urban (Zürich-Kaserne ZUE, Dübendorf-Empa DUE,125

Basel-Binningen BAS and Lugano-Universita LUG), rural (Magadino-Cadenazzo MAG, Payerne PAY and Tänikon TAE) and

background (Chaumont CHA, Davos-Seehornwald DAV and Rigi-Seebodenalp RIG) conditions with a record of O3 since the

year 2000. We define the background as rural sites between 1000 m and 2000 m altitude (excluding sites at higher altitudes

that predominantly sample the free troposphere). The sites RIG and CHA are located at the slope and the ridge of moun-
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tains, respectively, and are therefore impacted by the nocturnal residual layer during the night and in the morning hours. We130

differentiate between rural sites at low and high elevations to capture the local photochemistry at sites with negligible anthro-

pogenic pollution versus conditions which are impacted both by local processes as well as free tropospheric impacts due to

the influence of the residual layer. Figure 2 shows a map with the location of the NABEL sites used here. We use trace gas

observations of NO, NO2 and O3. At the majority of the stations, NO and NO2 are measured via chemiluminescence with a

molybdenum converter (employment of three different instrument types: APNA 370 NOx monitor (HORIBA), 42i TL / 42iQ135

TL NOx Analyzer (Thermo Fisher Scientific) and T200 NOx Analyzer (Teledyne API)). O3 is measured via UV-absorption

(49i ozone analyzer, Thermo Fisher Scientific). The instruments are zero point corrected every four weeks. The maximum

four-week zero point drifts are ± 0.2 ppbv for NOx and ± 0.3 ppbv for O3. Span calibrations of the NOx instruments are also

performed every four weeks. For O3, span calibration requires the use of a transfer photometer, which is deployed twice a year

(in April and September) at each site. Drifts of the O3 instruments are corrected when the response deviates more than ± 2%140

of the calibration gas concentration. The measurement uncertainties of NO, NO2 and O3 comply with the requirements for

regulatory measurements and are in the range of the limit values < 10 % (Empa and BAFU, 2024). The observed variability

is dominated by the atmospheric conditions and the influence of local sources rather than the instrumental uncertainty. Non-

methane volatile organic compounds are measured via flame ionization detection, but the spatial and temporal availability of

the measurements is limited. Continuous measurements are available at three urban sites (DUE, LUG and ZUE) only, which we145

use as an estimation for decadal VOC changes across Switzerland. Long-term speciated VOC or VOC reactivity measurements

are not available at these sites. We further use temperature, pressure and solar radiation measurements, which are provided by

Empa and BAFU at DAV, DUE, HAE, LAU, RIG, ZUE and by MeteoSwiss at BAS, CHA, LUG, MAG, PAY, TAE. Further

details regarding the location of the NABEL sites and the measurement methods can be found in the NABEL technical report

(Empa and BAFU, 2024). We do not include measurements of volatile organic compounds in this study due to limited spatial150

and temporal availability.

2.2 Data Processing

Unhealthy levels of O3 mostly occur in the summer months and we therefore focus this analysis on the months of April to

August. We use hourly values between 09:00 and 18:00 local time (UTC+2), which we refer to as daytime in the following.

Throughout the months of interest, these hours occur at least two hours after local sunrise and two hours before local sunset,155

which we chose to minimize the substantial impact of the diurnal variation in the boundary layer height. For some analyses, we

have separated data into weekdays (Monday to Friday) and weekends (Saturday and Sunday). We further perform temperature-

dependent analyses and define a low (10-20 ◦C), medium (20-30 ◦C) and high (≥ 30 ◦C) temperature range. For investigating

the exceedance probability of O3 and Ox, we follow the air quality standards of the Swiss Ordinance of 16 December 1985

on Air Pollution Control (Luftreinhalte-Verordnung), which states that the 1-hour average values must not exceed 120µg m−3160

more than once per year (Schweizerischer Bundesrat, 1985). At all stations, we consider O3 and Ox hourly values above

60 ppbv to be in exceedance of this standard. The exceedance probability (EP) is defined as the percentage of hours during

daytime from April to August with O3 (O3 EP) or Ox (Ox EP) exceeding 60 ppbv. The observational frequency at the NABEL
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Figure 3. Decadal trends of (a) NOx, (b) O3, (c) Ox and (d) the share of O3 in Ox at traffic (red), (sub)urban (orange), rural (green) and

background (blue) sites. The markers show the yearly averages and the lines represent their associated linear fits. The boxes show the relative

change of the trace gas levels between 2000 and 2024, whereby solid lines denote significant (p-value≤ 0.05) and dashed lines insignificant

(p-value > 0.05) trends.

sites is highly consistent over time, which we show in Figure S1 of the Supplement for O3, NOx and temperature measurements.

At all stations, the data completeness exceeds 90 % for hourly measurements in each year.165

3 Results and Discussions

3.1 Decadal Summertime Trends of Trace Gases

Figure 3 shows the decadal changes of summertime (a) NOx, (b) O3, (c) Ox and (d) the share of O3 in Ox at traffic (red),

(sub)urban (orange), rural (green) and background (blue) sites between 2000 and 2024. The relative change between the begin-

ning and the end of the record is shown in the boxes in the top right corners. Solid boxes represent significant (p-value≤ 0.05)170

and dashed boxes represent insignificant (p-value > 0.05) trends. We show the 1σ standard deviation of the averaging in Figure

7



S2 of the Supplement, which highlights the atmospheric variability and ranges between 25 % for background Ox and 95 % for

urban NOx.

NOx has decreased at all sites with a similar relative magnitude over the past two decades. All trends are significant. In

2000, average NOx was around 60 ppbv at the traffic sites and has decreased to 20 ppbv today (-1.64 ppbv year−1, R2=0.93).175

It should be noted, that the decrease plateaued between 2009 and 2017, and then continued to the present day. This plateau

is only pronounced at traffic sites, which could point towards the role of on-road emissions, and coincides with the time of

the disclosure of the Dieselgate scandal in September 2015. Grange et al. (2020) found a reduction in NOx emissions by

up to 36 % from affected diesel vehicles as an outcome of hard- or software updates in the United Kingdom in the years

following 2015. Further research is required to determine to what degree emissions from the diesel fleet could have affected180

the observed plateau in NOx levels in Switzerland and the subsequent decline in the late 2010s. Average NOx at (sub)urban

sites declined by around 2/3 (-0.48 ppbv year−1, R2=0.97) and halved at rural (-0.17 ppbv year−1, R2=0.97) and background

(-0.09 ppbv year−1, R2=0.83) sites. These NOx reductions highlight the successful anthropogenic emission control in response

to legislative restrictions over the past decades and are ongoing. The extent of NOx reductions is slightly smaller at rural and

background compared to traffic and (sub)urban sites (∼ 1/2 vs ∼ 2/3), which is consistent with larger relative contributions185

from natural NOx emissions at more remote sites. At all sites, both NO and NO2 have declined, as shown in Figure S3 of the

Supplement. At traffic sites, NO has declined faster than NO2 (78 vs 53 %) and the ratio between NO and NO2 has decreased

from 1.1 to 0.6 over time as shown in Figure S3(c). The ratio declined faster before 2010 (from 1.1 to 0.7), with a more

modest decline to present day (from 0.7 to 0.6). The majority of NOx is emitted as NO and therefore, close to major sources,

such as busy roads, the ratio of NO to NO2 is expected to be higher compared to more remote areas. The observed decline190

in NO:NO2 over time is in line with findings from Hüglin and Rohrbach (2022), who investigated NO and NO2 levels in

Zürich (Switzerland), and could be an indication that NO emissions control has been more effective than NO2 reductions

or represent the increasing share of diesel vehicles on roads, with a higher share of NO2 in NOx emissions compared to

gasoline cars. Empa (2024) reported an increase in overall tailpipe NO2 emissions in Switzerland from 3,737 t year−1 in 2000

to 5,862 t year−1 in 2020 (peak in 2015 with 10,174 t year−1), while NOx emissions declined from 58,331 t year−1 in 2000 to195

26,864 t year−1 in 2020. The increase in NO2 emissions was entirely associated with diesel vehicles, partially offset by a decline

in NO2 emissions from gasoline engines. Grange et al. (2017) reported increases in the NO2/NOx ratio at European roadsides

between 1995 and 2009 and a small decrease between 2010 and 2015. Potential explanations include the improvements of

the exhaust after-treatment technologies with subsequent Euro standards, both in light- and heavy duty vehicles, which lead

to NOx reductions with NO2/NOx emission ratios initially rising and then stabilizing and falling again from 2019 onward.200

The observed turnover coincides with the change in rate, which we observe in 2010 for traffic sites in Switzerland. The

COVID-19 pandemic led to governmental measures to decelerate the spread of the virus and resulted in decreases in primary

pollutants in many countries (Gkatzelis et al., 2021). While the lockdown measures in Switzerland were overall more moderate

in comparison to the European average, reductions of around 20 % in private motorized road transport in 2020 compared to

2019 were reported by the Swiss Federal Office of Statistics (Bundesamt für Statistik BFS, 2024, 2025b). On March 16, 2020205

the Swiss federal council announced an "extraordinary situation" and introduced measures to contain the pandemic, which
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lasted approximately two months (Schweizerischer Bundesrat, 2020). For this time period, we observe reductions in NOx

mixing ratios by around 1/3 in comparison to the previous year. The reduction was only around 10-15 % in the following

summer months. NOx summertime averages were lower in 2020 compared to 2019 and 2021 at traffic and (sub)urban sites,

which could be an outcome of the COVID-19 measures. However, the difference is in the range of the observed year-to-year210

variability for other years. Further aspects, which could impact the decadal NOx trend are changes in hybrid and remote work,

for which the Swiss Federal Statistical Office reported an increase from around 25 % for pre-COVID years to 37 % in recent

years (Bundesamt für Statistik BFS, 2025a). However, the population in Switzerland is currently increasing by around 1 %

per year and the number of private motorized vehicles has increased from around 3.5 million in 2000 to 4.8 million today

(Bundesamt für Statistik BFS, 2024). The number of traffic congestion hours on national roads has continuously increased215

since the COVID-19 pandemic and was approximately twice as high in 2024 compared to pre-pandemic levels (Bundesamt für

Strassen ASTRA, Fachbereich Verkehrsmanagement, 2025).

Figure 3(b) shows the decadal changes of O3. At the traffic sites, O3 has increased by 0.28 ppbv year−1 (R2=0.49) between

2000 and 2024. This increase occurred despite strong decreases in NOx and can be explained by either a VOC-sensitive O3

formation chemistry or the dominance of titration, with NO decreases "releasing" O3. (Sub)urban O3 does not show any trend220

over time with levels of around 40 to 45 ppbv, while rural O3 has decreased by 0.16 ppbv year−1 since 2000 (R2=0.20). The

strongest decrease over time can be observed in background O3 by 0.25 ppbv year−1 (R2=0.39). Overall, O3 close to traffic

emissions shows the lowest values, followed by (sub)urban and rural O3. Background O3 levels are highest, but the gap to

traffic O3 has diminished over time from an average of 20 ppbv in 2000 to 10 ppbv today.

Figure 3(c) shows Ox trends since 2000, which are decreasing at all sites with similar rates around 0.3 ppbv year−1225

(R2 ∼ 0.4). While O3 values show strong differences between the individual locations, Ox levels are more similar (around

50 ppbv today) highlighting the importance of partitioning between NO2 and O3. We would expect to see higher Ox for less

remote locations due to stronger pollution, which can be observed for rural, followed by (sub)urban and traffic sites. In contrast,

background Ox is higher than rural Ox. A potential explanation could be the impact of air masses entrained from the nighttime

residual layer (with elevated O3), coupled with the reduced effectiveness of loss processes such as deposition, titration or other230

nighttime chemical losses. An additional contribution could be the intrusion of free tropospheric air with higher O3 levels due

to the elevation of the background sites (> 1000 m). Ox decreases over time at all sites despite the increase of O3 at traffic sites

due to the dominance of NO2 reductions.

Figure 3(d) shows the changes in the share of O3 in Ox over time, which increased at all sites. The increase is strongest

for the most polluted sites and almost negligible for background conditions. At traffic sites, Ox consisted of 50 % O3 and235

50 % NO2 at the beginning of the record, and the share of O3 increased to around 75 % today. This suggests that the role of

titration has diminished over the past two decades and aligns with the observations of strong NO2 decreases and O3 increases.

At (sub)urban sites the share of O3 in Ox has increased from 75 to 90 % and at rural sites from 85 to 95 %. Ox at background

sites is almost equal to O3, which shows that titration is negligible.

Boleti et al. (2018) investigated trace gas trends at the NABEL sites between 1990 and 2014 and reported a reversal of240

increasing O3 trends at certain "breakpoint" years. These breakpoints occurred earlier for more remote and later for more
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Figure 4. Decadal trends of the difference in weekday and weekend levels of (a) NOx, (b) O3, (c) Ox and (d) the share of O3 in Ox at

traffic (red), (sub)urban (orange), rural (green) and background (blue) sites. The markers show the yearly averages and the lines represent

their associated linear fits. The boxes show the relative change of the trace gas levels between 2000 and 2024, whereby solid lines denote

significant (p-value≤ 0.05) and dashed lines insignificant (p-value > 0.05) trends.

polluted sites. They found a reversal of the trends at sites, which we categorize as rural and background, in the early 2000s.

This is in line with our findings of decreasing O3 trends under these conditions from 2000 onward. Boleti et al. (2018) further

reported breakpoints for (sub)urban and traffic sites in the late 2000s and early 2010s, respectively. We observe a small decline

at these sites between 2012 and 2014. However, this temporary reduction is a modest deviation from an overall increasing trend245

(during a short plateau in NOx levels), which continues beyond the end of the study period of Boleti et al. (2018). Differences

between this study and Boleti et al. (2018) could additionally arise as the latter investigated meteorology-adjusted values of O3

whereas we use direct observations.

3.2 Weekend Effect

Figure 4 shows the absolute differences between weekend and weekday levels of (a) NOx, (b) O3, (c) Ox and (d) the share250

of O3 in Ox at traffic (red), (sub)urban (orange), rural (green) and background (blue) sites. Positive values indicate higher
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weekday and negative values higher weekend levels. Weekday NOx is higher than weekend NOx at all sites with the largest

difference for traffic sites and diminishing differences with increasingly remote conditions. This is likely caused by strong

day-of-week patterns in on-road vehicle emissions with commuter and freight traffic on weekdays, which is more pronounced

in city centers. The background sites are not located in proximity to any roads. However, the lifetime of NOx is on the order255

of a few hours to a day and the decline in NOx at the background sites could reflect the decline in transported NOx from

nearby sources. The absolute weekend-weekday difference decreased significantly at all sites by around 2/3 between 2000 and

2024. However, the relative difference remained constant over time at the traffic sites (Figure S4). This suggests that the fleet

composition at the measured sites does not depend on the day of the week or that emission reductions have been consistent

across different vehicle types. Weekday reductions at (sub)urban, rural and background sites have been more efficient than260

weekend reductions leading to an increase in the relative difference over time by 25 % (R2=0.52), 25 % (R2=0.43) and 12 %

(R2=0.17), respectively (Figure S4). This could indicate that the fleet composition shows a different behavior than that observed

for traffic sites or that different source types with day-of-week patterns are important at these sites, such as emissions from

industrial activities. Further research is needed to understand these site-dependent magnitudes in NOx reduction on weekdays

vs weekends.265

Figure 4 (b) presents the weekend-weekday changes of O3 over time. The background sites do not show a pronounced

difference between weekdays and weekends, which is expected due to a small weekend-weekday difference in background

NOx levels. All other sites show a pronounced weekend-O3 effect at the beginning of the record, which has decreased over

time. ∆(wd-we) O3 at traffic sites decreased from 7 ppbv in 2000 to around 2 ppbv today. (Sub)urban and rural ∆(wd-we)

O3 were 4 and 2 ppbv, respectively, in 2000. The difference in weekday and weekend O3 is small at these (sub)urban and270

rural sites today. It is difficult to determine the precise timing of the reversal of the weekend effect, however, weekday O3 has

been higher than weekend O3 at rural stations continuously since 2019, while it has been mostly lower at (sub)urban sites.

Higher weekday than weekend O3 for higher weekday than weekend NOx indicates dominating NOx-sensitive chemistry. The

observations therefore suggest that NOx-sensitive chemistry has been dominant at background sites since the beginning of the

record and that (sub)urban and rural sites are likely currently transitioning (or have recently transitioned) to NOx-sensitive275

O3 formation. Traffic sites are dominated by titration or VOC-sensitive O3 formation, either of which could explain higher

weekend than weekday levels of O3 as a result of lower weekend than weekday NOx. Decadal changes of VOCs at ZUE,

DUE and LUG (Figure S5 of the Supplement) highlight that the extent of VOC and NOx reductions was similar over the past

20 years. Therefore, we do not expect any changes in the location of the transition point between VOC- and NOx-sensitive

O3 formation over time. For sites characterized by NOx-sensitive chemistry, changes in VOCs do not impact the abundance280

of O3. Under VOC-sensitive conditions, a decline in O3 may result from VOC reductions. However, a precise quantification

of the impact would require knowledge of the identity of these VOCs or the overall VOC reactivity, for which additional

measurements are needed at all sites.

Figure 4 (c) shows that all sites are characterized by higher Ox on weekdays compared to weekends. For sites with a

negligible impact of titration we expect the same weekend effect of O3 and Ox (Murphy et al., 2007; Pusede and Cohen,285

2012). This can be observed for background conditions, as well as rural sites in recent years and suggests dominating NOx-

11

cnussbaume
Highlight



Figure 5. Decadal trends of (a) average April-August daytime temperature at traffic (red), (sub)urban (orange), rural (green) and background

(blue) sites and (b) the number of days above 30 ◦C (accounting for the maximum temperature at traffic, (sub)urban and rural stations

combined). Boxes show the relative change between 2000 and 2024. All trends are significant (p-value≤ 0.05).

sensitive O3 formation. In contrast, for rural and (sub)urban sites at the beginning of the record as well as for traffic sites for

the entire period, O3 has shown a distinct weekend effect with higher values on weekends, while Ox values have been higher

on weekdays. This is suggestive of a sizeable impact of titration at rural and (sub)urban sites in the early 2000s and at traffic

sites up to today, whereby a decrease of NO emissions on weekends shifts the equilibrium between NO2 and O3 towards O3.290

No significant trend over time can be observed for the Ox weekend-weekday difference at any site.

In Figure 4 (d), we present the weekend-weekday difference of the share of O3 in Ox. While no significant difference can

be observed for background sites, all other sites exhibit a higher share of O3 on weekends. This weekend effect is strongest

for traffic, followed by (sub)urban and rural sites, which aligns with the findings for the weekend effect of NO2 and O3 and

emphasizes that titration still plays a major role at traffic sites today. This conclusion is additionally supported by the diurnal295

cycle of NO and O3 (Figure S6 of the Supplement), which shows that weekday morning NO peaks at traffic sites are associated

with distinct daily O3 minima.

3.3 The Effect of Temperature

3.3.1 Decadal Changes in Temperature

Figure 5 shows (a) the trend of average summer daytime temperature over time and (b) the changes in high temperature days,300

defined as the number of days between April and August where temperatures 30 ◦C for at least one hour. We have combined

rural, (sub)urban and traffic sites in panel (b). The background sites are located at higher elevation and therefore show lower

temperatures and a negligible number of exceedances. For the trend analysis we exclude the year 2003, which was a severe

heatwave year and showed a temperature anomaly of more than 5 ◦C in Switzerland (Black et al., 2004; Schär et al., 2004).

We show these data points in Figure 5(a) as open symbols. An increase in average temperature by 1.5 ◦C is observed at all305
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sites since the beginning of the century. This in line with the current literature reporting rapid surface temperature increases in

Europe since the 1990s (Dong et al., 2017; Twardosz et al., 2021). Twardosz et al. (2021) reported a summer time warming

of 0.070 - 0.075 ◦C year−1 in Switzerland between 1985 and 2020. The April to August average temperature was 13.8 ◦C at

background sites and 19.2 ◦C at the remaining sites in 2024. The 1σ standard deviation of the averaging represents the inter-

annual variability is of the order of 50 % for the background sites and 30 % for the remaining sites. The number of days with310

a temperature exceeding 30 ◦C has increased more than 3-fold since 2000, when only around 10 days (∼ 7 % of all days)

exhibited high temperatures, compared to 35 days today (almost 1/4 of all days). We present the share of daily maximum

temperature exceedances of the 95th percentile of all measurements at individual site types in Figure S7 of the Supplement,

which highlights that peak temperatures have increased similarly at all sites independent of the altitude.

3.3.2 Relationship of Trace Gases and Temperature315

Figure 6 presents the relationship between (a) NOx, (b) O3, (c) Ox and (d) the share of O3 in Ox with temperature, which

all exhibit strong correlations. We focus on data points above 10 and below 35 ◦C when calculating correlations. We show

the 1σ standard deviation of the averaging in Figure S8 of the Supplement. NOx levels decrease at all sites with increasing

temperatures, while O3, Ox and the share of O3 in Ox show a strong positive correlation with temperature.

The NOx temperature anti-correlation is strongest for polluted sites and negligible for background sites. At traffic sites, NOx320

mixing ratios decrease at a rate of 0.65 ppbv ◦C−1. A slightly smaller decline of 0.54 ppbv ◦C−1 can be observed for (sub)urban

sites, followed by a decrease of 0.21 ppbv ◦C−1 for rural sites. These observations suggest that the NOx temperature correlation

is linked to on-road NOx emissions and is weaker for remote sites with a larger share of natural NOx sources, such as soil

NOx, which is expected to increase with temperature (Oikawa et al., 2015). Light-duty diesel vehicles, particularly prior to the

Euro-6 standard, show a strong anti-correlation of NOx emissions and temperature. Grange et al. (2019) reported a decrease of325

NOx emissions by a factor of 3 for pre Euro-6 passenger cars and light duty vehicles between 0 and 25◦C. In Switzerland, the

majority (> 90 %) of tailpipe NOx is emitted from passenger cars, light duty vehicles and heavy duty vehicles (Empa, 2024).

We are focusing on emissions within town limits. In 2020, passenger vehicles contributed 72 % of overall in-town NOx vehicle

emissions in Switzerland, followed by light-duty vehicles with 12 % and heavy duty vehicles with 8 %. 86 % of passenger

car NOx emissions were attributed to diesel vehicles and close to 100 % of light and heavy duty vehicles were diesel-fueled.330

Therefore, overall 82 % of tailpipe NOx was emitted by diesel vehicles in 2020. 36 % of passenger cars, 21 % of light duty

and 37 % of heavy duty vehicles on Swiss roads complied with the Euro-6 standard while most vehicles types were older (pre

Euro-6) (Empa, 2024). Assuming an even distribution of gasoline and diesel vehicles on all street categories (in-town, out-of-

town and highway), the share of temperature-dependent NOx emissions was 49 % for passenger cars and light duty vehicles in

2020 and 54 % under the assumption that NOx emissions from heavy duty vehicles exhibit a similar temperature dependence335

to those reported in (Grange et al., 2019). At traffic sites, NOx mixing ratios decrease from 50 to 30 ppbv between 10 and

35 ◦C. Assuming the share of temperature-dependent NOx emissions is representative of the middle of that temperature range

(36 ppbv at 22 ◦C), on-road vehicles are the only source of NOx at traffic sites, emissions relate linearly to mixing ratios and the

temperature-dependence reported in (Grange et al., 2019) is similar between 10 and 35 ◦C, NOx mixing ratios would decrease
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Figure 6. Changes of (a) NOx, (b) O3, (c) Ox and (d) the share of O3 in Ox with temperature at traffic (red), (sub)urban (orange), rural

(green) and background (blue) sites. The markers show the averages for all daytime (9-18) hourly data (2000-2024) for each temperature

bin. The boxes show the relative change of the trace gas levels for (a) and (d) between 10 and 35 ◦C and for (b) and (c) in the highlighted

sections. All trends are significant (p-value≤ 0.05).

from 45 to 27 ppbv over this temperature-range. We conclude that the temperature dependence of NOx emissions from diesel340

vehicles can plausibly explain the magnitude of the observed overall NOx-temperature correlation. In 2010, the share of NOx

emissions from diesel passenger cars was lower (61 %), however all on-road vehicles were pre Euro-6, leading to a similar

share of temperature-dependent emissions of 41 %, and 64 % including heavy duty vehicles. In 2000, the overall fleet of diesel

passenger cars was still small and NOx emissions only contributed 11 % to the passenger car NOx emissions (and 46 % for light

duty vehicles), leading to a share of 9 % temperature-dependent NOx emissions. In that case, the magnitude of the temperature345

correlation could only be explained when assuming temperature-dependent heavy duty vehicle NOx emissions, which would

increase the share of temperature-dependent emissions to 34 %. Figure S9 of the Supplement shows that NO has decreased

more strongly with temperature compared to NO2 at all locations. NO2 does not exhibit a temperature correlation at traffic

sites. This further suggests that the temperature correlation is introduced by an emission rather than temperature-dependent

chemistry, given the small share of NO2 in primary NOx emissions. The NOx-temperature correlation (Figure S10 of the350
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Supplement) exhibits little to no change from 2000 to 2024. This highlights that simultaneous NOx reductions and temperature

increases can be ruled out as a reason for the observed NOx-temperature correlation.

An additional explanation for the observed negative temperature correlation could be the influence of the planetary boundary

layer height (BLH). On sunny days, the BLH is driven primarily by solar radiation, which is closely related to temperature

(Collaud Coen et al., 2014). A higher BLH can dilute pollutant emissions into a larger volume, which could explain the decrease355

of NOx mixing ratios with temperature. While we have eliminated a major part of the BLH diurnal cycle by including only data

between 9:00 and 18:00 local time (UTC+2), the day-to-day variation of the BLH remains and could contribute to the observed

temperature correlation. Figure S11 presents the BLH-temperature correlation across Switzerland, based on ERA5 reanalysis

data of the daily summertime BLH and the 2m-temperature at 14:00 local time (peak of radiation). While the resolution of

the ERA5 data (0.25 ◦x0.25 ◦) is not sufficient to resolve the topography of Switzerland, it provides an estimation of the360

BLH-temperature correlation. The positive correlation supports our theory that dilution effects could impact the temperature

correlation of trace gases and that the day-to-day variability of the BLH is significant. We observe a 15-20 % decrease in the

NO-temperature correlation when eliminating diurnal BLH changes (Figure S12). While this observation could highlight the

impact of BLH variations throughout the day, it could also indicate that a part of the NO-temperature correlation results from

NO emissions during the morning rush hour, which is usually accompanied by lower temperatures.365

The hypotheses discussed above provide likely explanations for the observed NOx-T correlation. However, the definitive

driver(s) can only be identified through extensive source apportionment, footprint analysis and a precise characterization of the

temperature behavior of these sources, which is outside the scope of this study.

Figure 6(b) shows that O3 is positively correlated with temperature at all sites. O3 levels approximately double at back-

ground sites and almost triple at rural, (sub)urban and traffic sites over the observed temperature range. A close linear depen-370

dence of O3 on temperature is observed above 15 ◦C at background sites (dO3/dT = 1.8,ppbv/◦C) and above 17 ◦C at traffic

(dO3/dT = 2.3 ppbv/◦C), at (sub)urban (dO3/dT = 3.2 ppbv/◦C) and at rural sites (dO3/dT = 2.7 ppbv/◦C). A positive correla-

tion of O3 and temperature is expected and aligns with the current literature as discussed in Section 1. Several factors might

contribute to the observed O3-temperature dependence in Switzerland including enhanced stagnation, intense solar radiation

at high temperatures, enhanced reaction rates and temperature-dependent natural and anthropogenic precursor emissions. A375

positive correlation of BLH and temperature can introduce a positive temperature correlation for O3 due to the intrusion of

free tropospheric air characterized by elevated O3. At polluted sites, decreasing NOx with temperature (6(a)) may contribute to

the positive O3-temperature relationship by alleviating titration or increasing ozone production (NOx-saturated O3 chemistry).

Background sites are not impacted by titration and do not show a NOx-temperature dependence while still exhibiting a strong

response of O3 to temperature. This suggests that different mechanisms drive the temperature dependence of O3 in more re-380

mote locations or that O3 is not produced locally. Decreasing NOx with temperature at rural sites with dominant NOx-sensitive

O3 would lead to O3 decreases and must therefore be counterbalanced by other processes, e.g. stagnation, solar radiation or

reaction rates.

In Figure 6(c), we show the Ox temperature correlation, which is very similar to O3. The major difference is an elevated

baseline of Ox at low temperatures for traffic (∼22 ppbv higher than for O3 at 10◦C), (sub)urban (∼13 ppbv higher) and rural385
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sites (∼6 ppbv higher). This difference gets smaller with increasing temperature. The reason for this can be seen in panel (d),

which shows that the share of O3 in Ox increases with temperature. For more polluted regions as well as lower temperatures the

fraction of NO2 in Ox gets larger and vice versa. O3 and Ox are almost equal above 25 ◦C at background, rural and (sub)urban

sites. For traffic sites the difference persists, which aligns with a remainder of 25 % NO2 in Ox at high temperatures. This again

suggests the importance of titration at traffic sites.390

3.3.3 Decadal Trends of dO3/dT and dOx/dT

Figure 7 shows the temperature dependence of (a) O3 (dO3/dT) and (b) Ox (dOx/dT) over time. dO3/dT and dOx/dT are

calculated over the highlighted part of Figure 6(b) and (c), which shows a strong linear correlation (R2>0.99). At all site types,

the temperature dependence of O3 and Ox has decreased over time. This decrease amounts to around 1/3 and is independent

of the site properties. The consistency of these decreases, considering the different O3 trends and mechanisms of O3 formation395

at the sites (as discussed in Sections 3.1 and 3.2) is remarkable. At the beginning of the century, rates ranged between 2.5

and 4 ppbv/◦C, while they are between 1.5 and 2.5 ppbv/◦C today. We presented the decadal trends of O3 in Figure 3 (b),

which shows decreases for background and rural sites, no significant changes for (sub)urban sites and increases for traffic sites.

Figure 8 highlights that these decadal trends are dependent on the temperature ranges, which we show for (a) low 10 ◦C≤T

≤ 20 ◦C, (b) medium 20 ◦C≤T ≤ 30 ◦C and (c) high T≥ 30 ◦C temperatures. Background and rural sites exhibit negative O3400

trends over time for all temperature ranges, but the observed decrease gets larger with increasing temperature (e.g. for rural

sites O3 declines at 0.08 ppbv year−1 at low temperatures, of 0.39 ppbv year−1 at medium temperatures and 0.74 ppbv year−1

at high temperatures). For (sub)urban sites, O3 has increased over time for low temperatures (0.10 ppbv year−1), but decreased

for medium (-0.26 ppbv year−1) and high temperatures (-0.69 ppbv year−1). The trends at traffic sites are positive for low

(0.29 ppbv year−1), positive but insignificant for medium and negative (and insignificant) for high temperatures. This is in line405

with findings by Boleti et al. (2019) who reported a decline of peak O3 (which coincides with high temperatures) at all NABEL

locations, but the traffic sites, between 1990 and 2014. The rate of decadal O3 changes is therefore highest (and positive) for

polluted regions at low temperatures (and high NOx) and lowest (and negative) for remote sites at high temperatures (and

low NOx), which can explain the observed decadal decrease in dO3/dT in Figure 7(a). O3 levels have declined more rapidly

at high versus low temperatures for background and rural sites and the trend has even reversed from positive to negative for410

(sub)urban and traffic sites. Panel 7(b) highlights that the temperature dependence of Ox has decreased similarly compared to

O3 at all sites. While Ox trends for all temperature ranges are negative (Figure S13), higher temperatures show steeper declines,

representing the temperature effects in decadal O3 trends.

The current literature reports a similar decline in O3 temperature sensitivity, though the underlying explanations vary. Li

et al. (2025) reported a decline in the O3 temperature dependence in the U.S. between 1990 and 2021, which they attributed415

to meteorological factors, as well as increased effects of temperature-dependent BVOC emissions, dry deposition and PAN

decomposition under anthropogenic NOx reductions. A decrease in the O3 temperature dependence with decreasing NOx

levels has additionally been reported in the U.S. among others by Wu et al. (2008) suggesting an increased NOx loss via

temperature-enhanced isoprene emissions and the formation of isoprene nitrates, and isoprene ozonolysis, as well as Bloomer
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Figure 7. Changes of the (a) O3 and (b) Ox temperature dependence over time. Data points represent the slope of O3 and Ox vs temperature

in Figure 6 (b) and (c), respectively, in the linear (highlighted) area. The chosen temperature range for the fit is 19-31 ◦C for traffic, (sub)urban

and rural conditions and 15-27 ◦C for background conditions. Background sites are located at elevated altitudes and have therefore lower

temperatures. Boxes show the relative change between 2000 and 2024. Solid lines denote significant (p-value≤ 0.05) and dashed lines

insignificant (p-value > 0.05) trends.

Figure 8. Decadal changes of O3 at (a) low, (b) medium and (c) high temperatures at traffic (red), (sub)urban (orange), rural (green) and

background (blue) sites. Data for high temperatures at background sites are sparse and therefore disregarded. The markers show the yearly

averages and the lines represent their associated linear fits. Boxes show the relative change between 2000 and 2024. Solid lines denote

significant (p-value≤ 0.05) and dashed lines insignificant (p-value > 0.05) trends.

et al. (2009) and Rasmussen et al. (2013). Coates et al. (2016) suggested a decrease in the O3 temperature sensitivity in response420

to decreases in ambient NOx due to enhancements of reactions rates and biogenic VOCs, which was largest for high- and small

for low-NOx conditions.

Several of these studies suggest temperature-dependent VOC emissions under reductions in anthropogenic NOx as a reason

for a decline in the O3-temperature response. Under VOC-sensitive O3 formation chemistry, temperature is known to increase
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O3 levels at constant NOx via enhanced VOCs. In turn, decreasing NOx leads to a decline in the temperature sensitivity of O3425

when moving towards NOx-sensitive O3 chemistry. We find that O3 formation in Switzerland is either dominated by the O3

titration effect (polluted sites) or NOx-sensitive chemistry (remote sites). Consequently, changes in VOCs are unlikely to impact

O3 formation and cannot explain the observed decline in the temperature sensitivity of O3. Other mechanisms presented in the

literature, including changes in meteorology, dry deposition or PAN decomposition under NOx reductions, could contribute

to the decrease in dO3/dT in Switzerland. Changes in the ozone production efficiency over time could additionally impact the430

temperature sensitivity of O3. Local measurements of NOy would be required to investigate OPE changes.

Additionally, we suggest that the share of O3 in Ox could be a key factor in controlling the temperature-dependent trends at

polluted sites (Figure 8), which directly affects the decline in O3 temperature sensitivity (Figure 7(a)). For polluted regions with

large NOx sources and low temperatures, a considerable fraction of Ox is NO2 (Figure 6(d)) and a decrease of NOx over time

releases O3, which affects increasing decadal trends as shown for traffic sites in Figure 8(a). At higher temperatures the share435

of O3 in Ox is higher and therefore the titration effect of the decadal NOx decline is smaller, which manifests in a less steep

decadal increase for O3 at medium temperatures (Figure 8(b)) and a further flattening at high temperatures (Figure 8(c)). NOx

reductions only become effective in reducing O3 when the share of O3 in Ox is large enough, which is most strongly affected

by ambient NOx levels and temperature. While this is not the case for traffic sites even at high temperatures, we observe the

change for (sub)urban sites, where O3 increases over time at low temperatures. In contrast at medium temperatures, the share440

of O3 in Ox is sufficiently large that the O3 release through declining NOx is outweighed by the reduction of O3 formation

when chemistry is NOx-sensitive. At high temperatures, the effect of reduced O3 formation is even larger and the decadal O3

decline is steeper, affecting the reduction in the O3-temperature sensitivity. We conclude that the consistent dO3/dT trends in

Switzerland are likely driven by different mechanisms, including previously suggested meteorological and chemical processes

at remote and background sites, with an additional role for O3 titration at polluted sites. Further research is needed to quantify445

the relative role of these mechanisms in polluted and clean locations.

3.4 O3 and Ox exceedance probabilities

Figure 9 shows the exceedance probability EP (defined as the percentage of April-August daytime hourly values above 60 ppbv)

of O3 (a) over time and (b) with temperature. The change of Ox EP with temperature can be seen in panel (c). The decadal

O3 EP trend is presented in panel (a) and is similar to the O3 trends from Figure 3(b). For rural and background sites the450

probability of O3 exceeding the current air quality standard of 60 ppbv has decreased over time. While at the beginning of

the century 20-25 % of all summertime measurements exceeded the threshold, respectively, the share has decreased to around

5-10 % today. O3 EP at (sub)urban and traffic sites does not show a significant trend over time. The exceedance probability at

(sub)urban sites is similar to rural and background sites, whereas it is much lower and only around 5 % for traffic conditions.

As discussed previously, this is the result of O3 being stored in NO2 due to titration close to NO sources. Consistent with the455

Ox trend shown in Figure 3(c), Figure S14 shows that Ox exceedance probabilities exhibit a significant, negative trend for all

sites, highlighting NOx-sensitive conditions under rural and background conditions and the impact of titration at traffic and

(sub)urban sites (for the majority of the record).
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Figure 9. (a) Average decadal trends and (b) the temperature dependence of the O3 exceedance probability and (c) the temperature depen-

dence of the Ox exceedance probability at traffic (red), (sub)urban (orange), rural (green) and background (blue) sites. Panels (b) and (c)

represent the entire study period from 2000 to 2024.

Panel (b) shows the temperature dependence of O3 exceedances. For low temperatures - at background sites below 2 ◦C and

at the remaining sites below 15 ◦C - O3 exceedances do not occur. The exceedance probability then rapidly increases with460

temperature and above 30 ◦C, the likelihood of reaching unhealthy levels of O3 is above 20 % at traffic sites and above 75 % at

(sub)urban, rural and background sites. Figure 10 shows that these numbers have decreased by up to 35 % (percentage points)

between the beginning of the century (2000-2004) and today (2020-2024), which is a positive outcome of NOx reductions. The

extent of this decrease is generally higher for higher temperatures and increasing remoteness, which is in line with our findings

from Figure 8 for the temperature-dependent O3 decadal trends. Despite this effectiveness of NOx reductions in shifting O3465

exceedances to higher temperatures, the likelihood of high-temperature days has increased 3-fold over the same time period

(Figure 5(b)), weakening the described positive outcomes - a phenomenon often referred to as a climate penalty. Ox exceedance

probabilities show a similar temperature dependence, as shown in panel (c). At (sub)urban, rural and background sites Ox is

almost entirely O3 and therefore the Ox and O3 EPs are similar. For traffic sites even at high temperatures Ox still consists of

a significant amount of NO2 and therefore the O3 EP is lower than the Ox EP - at 30 ◦C by around 50 %. With ongoing NOx470

reductions the EP O3 curve will approximate the EP Ox curve when titration becomes negligible and decreases in NOx become

effective in reducing O3.

These observations highlight the complex interplay of NOx levels and temperature in driving the dominating O3 chemistry in

polluted environments. High temperatures are often accompanied by stagnation and high solar intensity increasing the share

of O3 in Ox and thereby leading to more frequent exceedances. At the same time, these temperatures (where titration is less475

relevant, Figure 6(d)) create a chemical environment where NOx reductions become effective in reducing O3.
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Figure 10. Temperature correlation of the O3 exceedance probability at (a) traffic, (b) (sub)urban, (c) rural and (d) background sites as an

average for the beginning of the record as open symbols (2000-2004) and today (2020-2024) as filled symbols.

4 Conclusions

In this study, we have investigated the processes impacting O3 levels under traffic, (sub)urban, rural and background conditions

across Switzerland during summertime since the beginning of this century. The study is based on observations of NO, NO2,

O3 and meteorological parameters at 12 surface stations, which are part of the NABEL (Nationales Beobachtungsnetz für480

Luftfremdstoffe) network.

NOx levels have continuously decreased over the past two decades at all stations, highlighting successful emission reduc-

tions. These reductions have led to O3 decreases at rural and background stations. In contrast, average summertime O3 has been

relatively consistent at (sub)urban and even increased at traffic sites. Boleti et al. (2018) studied O3 trends in Switzerland and

concluded that by 2014, average O3 levels were decreasing at all sites. Our findings, showing the continued increase of O3 in485

polluted environments beyond the study period of Boleti et al. (2018), are therefore vital and highlight the urge for continuous

and stringent precursor reductions.

Using the O3 and Ox weekend effect we show that chemistry has been dominated by NOx-sensitive O3 formation at back-

ground sites over the entire study period, whereas titration has been the prevailing mechanism controlling O3 levels at traffic

sites. Rural sites have recently switched to NOx-sensitive chemistry, and (sub)urban sites are currently making this shift. De-490

spite the level of anthropogenic NOx pollution, temperature plays an important role in controlling O3. This strong positive
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correlation has several contributors, including enhanced stagnation (which often accompanies high temperatures and can lead

to local O3 build-up), increased solar radiation, the inverse temperature-correlation of NOx and intrusion of O3-rich free tropo-

spheric air under a high boundary layer. We find that decadal O3 decreases are stronger at higher temperatures or even reverse

from positive to negative trends at more polluted sites, which in turn, affects a continuous decrease in the temperature depen-495

dence of O3 (dO3/dT) over time. This observations has been previously reported by among others Wu et al. (2008), Bloomer

et al. (2009), Rasmussen et al. (2013) and Li et al. (2025) in the U.S. as well as Otero et al. (2021) in Europe. While the reason

for this observation is regionally different and not fully understood up to this point, we offer an explanation related to the share

of O3 in Ox titration for polluted sites, which is smallest for low temperatures and polluted sites and increases with rising

temperature and increasing remoteness. While we find a similar decrease in O3-temperature sensitivity at all sites, the effect of500

titration is largest at most polluted sites and other processes likely dominate the trend at more remote locations.

The exceendance probabilities for O3 and Ox of the current O3 Swiss air quality standard additionally show a strong temper-

ature dependence and unhealthy levels occur with a probability of more than 80 % at (sub)urban, rural and background sites on

hot summer days (T≥ 30 ◦C). Due to NOx reductions, the occurrence of O3 exceedances is now limited to the highest temper-

atures, however, the share of summer days exceeding 30 ◦C is around 3 times larger today than it was at the beginning of the505

century, which offsets part of the success in emission reductions. O3 levels at traffic sites are still suppressed by large amounts

of NOx and we expect increases in O3 exceedances, particularly at lower temperatures, for the coming years before the impact

of titrations becomes negligible and NOx reductions effective. Many different factors, including the rate of NOx reductions

and meteorological parameters, make it challenging to predict the crossover point. Assuming a change from dominant titration

to dominant NOx-sensitive O3 formation for rural sites in the middle of the studied period and for (sub)urban sites in recent510

years, the crossover occurs when O3 makes up at least 85 % of Ox. If we assume a continued increase in the share of O3 in Ox

of 1 % year−1 (Figure 3(d)), chemistry at traffic sites would be dominated by NOx-sensitive O3 formation rather than titration

starting in 2035. Aksoyoglu et al. (2014) reported the dominant effect of titration on O3 levels in Switzerland between 1990 and

2005. Twenty years later, polluted sites are still titration-dominated despite strong precursor emission declines, highlighting

the challenge of sufficient pollutant reductions to achieve clean air.515

These findings emphasize that O3 remains an air quality concern in Switzerland. NOx reductions are now effective in reduc-

ing O3 levels at (sub)urban, rural and background sites, but exceedances, particularly at high temperatures, remain frequent.

Therefore, rapid NOx reductions are required to reduce O3 levels, which are also needed to overcome the dominance of titra-

tion at polluted sites. Continued long-term monitoring of O3 and its precursors is critical to identify changes in the non-linear

processes, which drive the abundance of O3 and impact local air quality. Of particular benefit in Switzerland would be the520

addition of long-term speciated VOC measurements at multiple sites, which are currently strongly limited, but are important

precursors to local O3 formation and can support our understanding of the shifting role of natural and anthropogenic precur-

sors. Finally, more research is needed to understand and monitor the climate penalty on O3 under continuous anthropogenic

precursor reductions and increasing temperatures.
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